Reintroducing native wildlife populations is a common conservation-management approach aimed at reducing the threat of extinction and restoring ecosystem function. Captive-born individuals are sometimes used in reintroductions, but the effectiveness of this strategy is poorly understood due to insufficient post-reintroduction monitoring and evaluation. Our objective was to evaluate the utility of using captive-born individuals of an endangered rodent, the Perdido Key beach mouse (Peromyscus polionotus trissyllepsis) to reestablish a population on the western end of Perdido Key at Gulf State Park, Alabama, from which it was extirpated in 1997. We released 48 captive-born mice in March 2010 and monitored the population through livetrapping across 8 sessions spanning 5 years. We evaluated temporal changes in microsatellite genetic diversity to determine whether mice born in the wild were derived from released mice. The number of mice declined by 73% to 13 individuals in the first 2 weeks after release but increased to an estimated 206 (95% confidence interval = 195-217) individuals after 5 years. Genetic monitoring demonstrated a slight decrease in diversity during the first 3 months but an increase by year 5. Admixture from a neighboring population was detected in year 2 and year 5, which corresponded to the largest increase in population size between trapping sessions. This change in abundance corresponded with a doubling of Ne/N signifying a possible role of admixture in population growth and resilience. This study demonstrates the feasibility of using captive-born beach mice to reestablish populations when wild populations are too small to serve as donors for a translocation. We could not, however, discern how gene flow from an expanding neighboring population affected growth or persistence of the reintroduced population. Our study emphasizes that in future reintroductions, genetics should be monitored together with demographic patterns, because cryptic gene flow could affect how we interpret reintroduction success.
Reintroducing a wildlife population into previously occupied areas in its native range is a common conservation-management approach aimed at reducing the threat of extinction and restoring ecosystem function (Gibbs et al. 2007 ; IUCN/SSC 2013; Seddon et al. 2014) . While the biological objective of reintroduction is to establish a self-sustaining population in previously occupied habitat (Pavlik 1996) , post-reintroduction monitoring and evaluation are often underemphasized, leading to limited understanding of the nature and impact of the strategy as a whole (but see Ottewell et al. 2014; Cochran-Biederman et al. 2015) . Without long-term monitoring and evaluation, the success of reintroductions will remain uncertain and improvements to methods will be problematic (Armstrong and Seddon 2008) . These are particularly important for long-lived species, for which measuring important criteria such as fecundity, abundance, and the extent of occurrence is difficult (Monks et al. 2012 ). However, with short-lived species, success can be more easily evaluated by monitoring important criteria such as reproduction, population growth, abundance, change in geographic extent, genetic diversity, and population persistence (Pavlik 1996) .
In addition to reintroductions using translocated wild animals, captive breeding for reintroductions has played a prominent and often controversial role in species recovery (Ebenhard 1995; Bowkett 2009 ). Captive breeding is appealing to the public, and with improved husbandry techniques, it will likely continue to be a popular conservation tool. Yet for many taxa our understanding of the demographic response of populations established from captive-born individuals remains poorly known, particularly because of inadequate post-reintroduction monitoring (Kleiman 1989) . Often the emphasis after reintroductions has been on identifying potential negatives associated with the use of captive breeding for conservation reintroductions. For example, reintroduced captive-born individuals can have marked declines in fitness compared with their wild counterparts (Christie et al. 2012) due to behavioral changes, locomotor limitations, naivete toward predators, and other ecologically important traits (Kleiman 1989; McPhee and Carlstead 2010) .
Numerous metrics of demographic responses have been proposed for evaluating the success of reintroductions with translocated or captive-born animals, including observing breeding of the 1st wild-born generation, documenting population change over a specified period, and population viability analysis (Ottewell et al. 2014) . Population genetics also has been emphasized as an important component of monitoring populations and evaluating genetic viability over the long term (Seddon 1999; Schwartz et al. 2006) . In addition to identifying metrics of success, proper planning, decision management, and clear statements of goals are increasingly emphasized as being critical (Ewen et al. 2014) . Following these recommendations, we sought to evaluate the utility of using captive-born individuals of an endangered rodent to reestablish a population in an area from which it was extirpated in 1997 (Moyers et al. 1999) .
The Perdido Key beach mouse (PKBM: Peromyscus polionotus trissyllepsis) is endemic to the small (26 km long × ~500 m wide) barrier island of Perdido Key that spans the border of Florida and Alabama, United States. Human activities over the past 60 years have fragmented most of the habitat on the island into 3 areas of public lands ( Fig. 1) : the Florida Point Unit of Gulf State Park (GSP), Perdido Key State Park (PKSP), and the Perdido Key Unit of Gulf Islands National Seashore (GINS). The recovery criteria for the endangered PKBM (United States Fish and Wildlife Service 1987) include the presence of "3 distinct, self-sustaining populations," which correspond to populations at GSP, PKSP, and GINS. Since at least 1979 (Humphrey and Barbour 1981) , each of these 3 PKBM populations has been extirpated at least once (see Austin et al. 2015) , likely a consequence of habitat fragmentation, impacts from tropical cyclones, and possibly predation, especially by red foxes (Vulpes vulpes) or feral cats (Felis catus- Moyers et al. 1999; Oli et al. 2001) .
In September 2004, just before Hurricane Ivan made landfall on Perdido Key, 8 PKBM were captured at PKSP and retained in captivity at the Peromyscus Genetic Stock Center at the University of South Carolina. At that time, PKBM were low in number at PKSP and GINS and federal and state wildlife agencies were concerned that Hurricane Ivan might have catastrophic impacts on those populations. In 2007, all captive PKBM (8 founders plus 50 offspring) were distributed among the Santa Fe Teaching, Brevard, and Palm Beach zoos in Florida. Breeding was managed under a single studbook, and by 2009 enough mice were available for an experimental reintroduction to GSP.
The viability of captive-born PKBM following release into the wild was unknown. Therefore, our goal was to determine whether captive-born PKBM could be used to establish a selfsustaining population on Perdido Key. We viewed the initial stage of this effort as an experiment in which we intensively monitored the mice to determine survival, movements, and reproduction (reviewed in Greene et al. 2016) . In this study, our objectives were to systematically estimate abundance and changes in genetic diversity over 5 years after the reintroduction. Evaluating the feasibility of reestablishing PKBM populations using only captive-born animals would help managers decide whether long-term maintenance of captive colonies is warranted and possibly demonstrate another conservation option for other small rodents.
Materials and Methods
Study area.-The Florida Point Unit of GSP is bisected by Highway 182 (Fig. 1) , and during our study, the area south of the highway consisted of a fragmented line of primary dunes 1-3 m high and a larger, flatter area of secondary dunes as a result of impacts from Hurricane Ivan. Dominant vegetation included sea oats (Uniola paniculata), beach grass (Panicum amarum), Gulf bluestem (Schizachyrium maritimum), and several forb species. The park was nearly devoid of woody vegetation, particularly Florida rosemary (Ceratiola ericoides), which is often common in secondary dune habitat occupied by beach mice. The portion of the park north of the highway also was dominated by grasses, but vegetation density and diversity were lower than the area south of the highway.
Release.-To confirm that PKBM were absent at GSP, we set live traps (5 × 6 × 16 cm, H. B. Sherman Traps Inc., Tallahassee, Florida) throughout the park periodically from December 2009 through March 2010. No PKBM were captured in approximately 2,000 trap nights of effort, but 73 nonnative house mice (Mus musculus) were captured. Because previous studies had speculated that competition between the 2 species had contributed to declines or extirpations of beach mice (Humphrey and Barbour 1981) , we euthanized all house mice captured during the study.
The day prior to the release, we constructed 12 soft-release pens in 3 groups of 4 pens in the southwestern part of GSP (Fig. 1 ). Pens were oval-shaped (approximately 2.0 × 1.5 m), made of aluminum flashing (0.5 m high), and supported with 4-5 wooden stakes. We buried the pens approximately 5 cm to encourage the mice to remain in the pens to acclimate, but to burrow out at their discretion. Nylon mesh fabric was draped over the pen and a center support stake to deter predators. We placed 3-4 coquina rocks (10-15 cm in length) in each pen to mimic conditions in the zoo enclosures in which the mice had been maintained. In each pen, we also placed 2 PVC tubes (6 × 30 cm) with a 90° elbow on both ends to provide shelter. The 3 groups of pens were spaced 250-300 m apart and the 4 pens in each group were placed 35-80 m apart in a square pattern. We considered topography and vegetation when selecting sites for the release pens, and we located pens where we believed mice would have sufficient cover and a corridor for dispersal through the dunes, as well as sufficient space to allow mice to interact and establish home ranges. We left the pens in the field for 12 weeks post-release.
On 26 March 2010, 48 captive-born PKBM (23M:26F) aged 4-21 months were transported to GSP from the Brevard Zoo (n = 32) and Palm Beach Zoo (n = 17). These mice consisted of 10 sib groups ranging from 2 to 18 siblings (some zoo mice were mated multiple times). Released mice represented a median of 4th-generation descendants derived from 3 genetic founders (1M:2F). Released mice were reared in single-sex cohorts in the zoos and had not reproduced, except 1 female that bred once while in captivity.
We uniquely marked all mice with ear tags (Monel #1005-1, National Band and Tag Company, Newport, Kentucky) before release. We released mice into the pens between 2230 h on 26 March and 0300 h CDT on 27 March 2010. To minimize any social stress, we released mice in groups that had been maintained together in captivity. All pens received 2-6 mice from the same zoo; 10 received mice of 1 sex, and 2 received both males and females. For the first 15 days, we placed food within the pens with seeds (sunflower, safflower, and millet), waxworms, peanuts, and grapes, which was similar to the diet of PKBM in the zoos.
Abundance and distribution.-We first livetrapped mice during 5 sessions at 2, 4, 8, 12, and 24 weeks post-release to assess survival, reproduction, and population size. With demonstrated persistence and growth of the population, we then livetrapped for an additional 3 sessions at 1, 2, and 5 years post-release for longer-term evaluation of the population. We trapped for 3 consecutive nights in all 8 sessions except the year 1 and year 5 sessions, when we trapped for 5 nights and 4 nights, respectively.
The number of traps varied slightly among sessions. In the 7 trapping sessions through year 2 (Supplementary Data SD1-SD7), we set 398 live traps spaced approximately 20 m apart in 32 transects, with 2-25 traps in each transect, depending on the amount of habitat available (Fig. 1 ). In the first 4 trapping sessions, when soft-release pens were present, we also set 4 traps inside and 4 along the outside of each release pen for an additional 96 traps, or 494 in total. During the year 5 session, we placed 406 traps in a slightly modified layout, where additional trap lines were placed on the eastern and northern portions, but several trap lines were excluded in the center of the park where captures had previously been infrequent (Supplementary Data SD8). We baited the traps with black-oil sunflower seeds and placed a square cotton Nestlet (Ancare, Bellmore, New York) in each trap for bedding material. Traps were opened no earlier than 3 h before sunset, then checked and closed starting at midnight. Each newly captured PKBM was uniquely ear-tagged, and a tail tip or ear clip was taken for DNA analysis.
We conducted single-session closed-capture analyses using the Huggins' (Huggins 1989 (Huggins , 1991 ) p and c model type in Program MARK 8.0 to derive estimates of detection and abundance (White and Burnham 1999; Cooch and White 2014). We pooled males and females to account for the small sample sizes and to increase model convergence and precision in parameter estimates. Because of short sessions, we limited our analysis to 3 models for each session to avoid over-parameterization and increase model convergence. First, we created a null model where capture and recapture probabilities were equal and did not differ between session days. This supported the trap-happiness exhibited during some of the sessions (e.g., during week 2, 10 of the 13 mice were captured all 3 nights). Then, to model variation in catchability, we created a time model where capture and recapture probabilities were different from each other and varied between session days. And finally, we created a behavior model where capture and recapture probabilities were different from each other but did not differ between session days (Otis et al. 1978; Supplementary Data SD9) . We model-averaged all models within a session to account for model selection uncertainty and to obtain parameter estimates and unconditional estimates of standard errors and confidence intervals (CIsAnderson 2008; Cooch and White 2014) . We excluded 1 model (Mt; week 2) when model-averaging that failed to converge and had SEs of 0 and 95% CIs of 0-1.
Genetic data analysis.-We applied a multigenerational genetic approach to assess the status of the reintroduced population. The time between the reintroduction and final sampling period may represent as many as 45 generations, assuming a 40-day period to sexual maturity. This is likely a minimum mean generation time, given that reproduction of beach mice varies seasonally (i.e., is not continuous -Blair 1951; Rave and Holler 1992) . We genotyped mice at 15 microsatellite loci that had been shown to meet Hardy-Weinberg proportions in wild PKBM populations (see Austin et al. 2015 , for optimization and PCR conditions). We examined marker diversity (mean and individual heterozygosity, number of alleles, and effective number of alleles) using Genalex 6.3 Smouse 2006, 2012) and allele richness, rarefied to a sample size of 15 using FSTAT 2.9.3 (Goudet 2002) . Significance of pairwise population differentiation (Weir and Cockerham's [1984] F ST equivalent) between all sample periods was assessed using 999 permutations performed in GenoDive 2.0 (Meirmans and Van Tienderen 2004).
We used NeEstimator v.2 (Do et al. 2014) to calculate N e , the effective number of breeders that produced the sample cohort (Robinson and Moyer 2013) using the linkage disequilibrium (LD) method of Weir (1979 Weir ( , 1996 , corrected for bias due to small sample sizes (Waples 2006) . The LD approach measures the nonrandom association of alleles expected from matings in small populations with a high level of genetic drift. Peromyscus polionotus have been characterized as monogamous (Rand and Host 1942; Blair 1951) , and genetic evidence supports the interpretation of monogamy over short periods, though in reality serial monogamy is likely (Foltz 1981) . Given the likelihood of mixed-age adults being represented in the population, we estimated N e under the random-mating model rather than the strict monogamy model. The justification is that when samples of adults at a single time period represent multiple cohorts, LD should be close to the N e per generation (Waples and Do 2010; Waples et al. 2014) . The number of alleles at each locus was small (1-6- Austin et al. 2015) , which may reduce upward bias of estimates based on LD (Waples and Do 2010) . The critical value of allele frequency (P crit ) was set to 0.02, following recommendations of Waples and Do (2010) when samples sizes are > 0.25. We contrasted N e to the estimate of abundance as N e /N, which in this case indicates the proportion of breeders in a population (Hedrick 2005 ).
An analysis of island-wide genetic structure identified probable migration and admixture between GSP and PKSP in 2012 (Austin et al. 2015) . We reevaluated these data and those from the more recent year 5 sampling period to document migration and evaluate any impact of migration on genetic variation in GSP. We used BAPS version 6.0 (Corander et al. 2004 ), which uses a stochastic optimization algorithm to place individual genotypes into groups that correspond to latent genetic clusters. We assumed that a maximum of 2 genetic groups were required to detect mixture between PKSP and GSP mice (Austin et al. 2015) . We followed the mixture analysis with admixture analyses to determine the relative impact of migrants on the genetic variation in GSP (Corander and Marttinen 2006) .
results
Abundance and distribution.-Following an initial decline from 48 to 13 mice (6M:7F) at week 2, captive-born mice persisted for at least 24 weeks, and possibly as long as 1 year (Table 1) . We first captured wild-born mice (n = 5) during the week 8 trapping session. The population subsequently increased across sessions from 16 mice (8M:8F) captured at week 8, 27 (14M:13F) at week 12, 51 (22M:29F) at week 24, 73 (42M:31F) at year 1, and 80 (47M:33F) at year 2. By the year 5 session, the number of captured mice had increased to 194 (106M:88F) ( Table 1) . The model-averaged point estimates of abundance matched or nearly matched the number of mice captured in all sessions except year 2 and year 5 (Tables  1 and 2) . Detectability was high, particularly after 1st capture, and our model-averaged recapture probabilities (min. = 0.495, SE 0.078, max. = 0.796, SE 0.115) were overall similar to or higher than the capture probabilities (min. = 0.480, SE 0.157, max. = 0.974, SE 0.039; Supplementary Data SD10).
In the first 2 years, 90.12% of captures (n = 447) occurred in the southwestern portion of the park south of the highway, where the release pens had been placed and where the highestquality habitat was believed to be located (Supplementary Data SD1-SD7). No PKBM were detected in the narrow strip of dunes east of the eastern boardwalk (Fig. 1) until a captive-born female was captured there in week 12 (Supplementary Data SD4). That female was recaptured in the same area in week 24 near a wild-born male (Supplementary Data SD5), who was also the only wild-born PKBM captured there during the year 1 session (Supplementary Data SD6). The numbers in that area increased to 15 and 25 mice in the year 2 and year 5 sessions, respectively. No PKBM were captured north of the highway in the 1st year of trapping, but 2 mice were captured there in the year 2 session (Supplementary Data SD7) and 27 during the year 5 session (Supplementary Data SD8) .
Genetic diversity.-Diversity measures for released mice were low (Fig. 2) , reflecting the small number of genetic founders and genetic drift that resulted from multiple generations in captivity. Diversity decreased over the initial 24 weeks postrelease, then began to increase by year 2, when most diversity metrics were similar to those in PKSP samples for the same period (spring 2012-reviewed in Austin et al. 2015) , the notable exception being heterozygosity (Fig. 2) . Diversity increased further by 2015, exceeding the number of alleles and allelic richness from PKSP in 2012, though the recovery of mean heterozygosity remained below that of PKSP. Genetic differentiation was high across most pairwise comparisons with the exception of the earliest comparisons (i.e., between release and week 12, or week 24 and year 1). Individual heterozygosity (H o ) was low overall through year 1 post-release (< 0.3; Fig. 3 ).
By 2012, individual heterozygosity measures had begun to increase, with a noticeable shift in the distribution by 2015 (Fig. 3) . This change in individual heterozygosity was mirrored by the appearance of numerous admixed genotypes in GSP in 2012 and 2015 (Fig. 3) . In addition, a single individual at PKSP in 2012 was identified as a migrant from GSP. Estimates of N e and N e /N were at their highest at year 1 and their lowest at year 2, increasing again at year 5 (Table 3) . Overall, uncertainty in our N e /N estimates was low for year 2 and year 5, and N e estimates approached or overlapped the abundance estimates at week 24 and year 1 (Table 3 ). The estimate of N e for PKSP in 2012 (i.e., year 2 at GSP) was 14.9 (95% CI = 11.7-18.6), similar to year 5 in GSP. Pairwise F ST was significant between most comparisons with the exception of most comparisons with the 1st year of sampling (Table 4) .
discussion
With increasing threats to wild populations, augmentations and reintroductions of rare species will continue to be important options for biodiversity conservation. To be effective, augmenting or reestablishing populations will require understanding the impact of fragmentation on gene flow, as well as the suitability of either translocations or ex situ populations for reintroductions. For beach mice, previous translocations using wild-born individuals have been effective at least over the short term (Holler et al. 1989) . For example, PKBM were translocated from GINS to PKSP beginning in 2000, and these mice reproduced and were the source of the mice used to found the ex situ colony discussed here (Austin et al. 2015) .
Our demographic monitoring demonstrated that naive captive-born PKBM can be used to reestablish a population in vacant habitat. Moreover, we never captured the 1 female that bred in captivity, suggesting this GSP population was initially reestablished entirely by animals without previous breeding experience. Evaluations of the success of reintroduction have highlighted important factors, such as quality of habitat, weak intraspecific competition, low mortality, and increasing founder population size, which have been correlated with the a Two mice trapped at week 24 and week 52 had torn ears, suggesting that they lost an ear tag, and also had ear notches similar to those given at the zoos (but could not be positively identified). These mice are listed here as of unknown origin but we suspect they were captive-born mice in origin. b Of these 4 mice, 2 were the mice retagged in week 24 and listed as unknown origin. The other 2 mice were captured with torn ears also suggesting they had also lost an ear tag but did not have notched ears. Therefore, we suspect these 2 mice were wild-born and first tagged sometime during either week 12 or week 24. persistence of reintroduced populations (Griffith et al. 1989; Earnhardt 1999; Seddon 1999) . We faced many hurdles, including high initial mortality due to predation (reviewed in Greene et al. 2016) , poor habitat quality throughout much of the park resulting from impacts of tropical cyclones in 2004 and 2005, and possibly competition with house mice (Briese and Smith 1973) . Despite these factors, reproduction occurred quickly: 1 female likely gave birth during the week 4 session (she was pregnant and 26.0 g at night 1 and 14.0 g at night 2) and wildborn mice were first captured at week 8, and the population size increased markedly over the 5 years post-release. An early question was whether captive-born mice, which had low genetic diversity relative to wild mice in Perdido Key (Austin et al. 2015) , would be genetically resilient enough to establish a self-sustaining population, particularly considering that mice available for release consisted of sib groups. In the absence of genetic monitoring, the answer could have been yes. By year 5, the PKBM numbers in GSP were high and mice were detected in nearly all areas of the park with suitable habitat. What was unexpected was the occurrence and prevalence of gene flow (i.e., detected admixture) in 2012 and 2015 from the neighboring park (PKSP). Gene flow was unexpected because the extended absence of PKBM at GSP suggested that the linear distance of 5.5 km of developed lands south of the highway between GSP and the neighboring population at PKSP served as a barrier to natural recolonization.
Following Hurricane Ivan, a continuous berm or artificial dune was constructed along the length of Perdido Key to minimize damage from future storms. As this berm became vegetated, it apparently provided PKBM with a suitable corridor for dispersal from GINS and PKSP (Austin et al. 2015) . Given the correspondence of admixture and increased abundance in GSP, 1 conclusion is that eventual gene flow played an important role in the long-term success of the reintroduction. Resilience to tropical cyclones, drought, and other environmental stresses common in coastal strand habitat is important, and maximizing genetic variation may play a vital role in population persistence and growth. Heterosis, the improved vigor of offspring of parents from 2 populations (Lippman and Zamir 2006) , has been suggested for reintroduced rare plant species (Pinto-Torres and Koptur 2009; Godefroid et al. 2011; Maschinski et al. 2013; Bowles et al. 2015) , though for animals, few empirical examples exist outside of the literature on invasive species.
The importance of heterosis has been controversial because its beneficial effects are often expected to be short term, experienced primarily in the F1 generation, and continued recombination in later generations are expected to result in reduced fitness (Lynch 1991) . However, when a species is geographically restricted, is less likely to be exposed to differing selection pressures in different populations, and suffers from reduced genetic variance due to repeated bottlenecks and founder events (as is the case here), the long-term effects of admixture are likely to be positive. Benefits include allowing heightened capacity for responding to selective pressures and overcoming deleterious effects of founder events (Rius and Darling 2014) .
Simulations have demonstrated that LD N e can be imprecise when sample sizes are small (N < 30) or when N e /N is large (Weir and Hill 1980) . Our week 24 and year 1 estimates of N e are likely a product of rapid demographic expansion from a limited number of founders representing kin groups. Under rapid demographic expansion, LD is not the product of genetic drift but rather can be strongly affected by the presence of kin groups in the founding generation, and once rapid population expansion begins, the effect of drift is minimal (Slatkin 1994) . The early demographic growth may reflect the low reproductive variance among released mice surviving to this point and the newly reproductive mice in the population (i.e., genetic compensation- Saarinen et al. 2010) . However, by year 2, conditions for estimating contemporary N e are near ideal, given the probable abundance, sampling effort, and number of loci (see Tallmon et al. 2010) . Regardless, there was a pronounced decline in N e by year 2, where the N e /N was well below 0.1, a value at the lower end of the range in endangered species (Frankham 1995) . Despite the strong evidence of admixture beginning in year 2 and increasing in year 5, N e /N remained low despite the rapid increase in PKBM abundance. N e in year 5 was at a similar level as N e in PKSP in 2012; however, abundance in PKSP was greater in PKSP in 2012 (J. A. Gore, pers. obs.) than the 2015 estimate for GSP, as was heterozygosity, and therefore the N e /N ratio in GSP would likely be greater than that in PKSP, a direct effect of population admixture.
A possible limitation to our N e /N ratios is that the genetic data used to estimate N e reflect the effective population size of the generation preceding the sampled generation, and the data used to estimate abundance came from the sampled generation (Nunney 1995) . However, it is unlikely that our estimates are heavily biased because generation times are short (and overlapping), and while PKBM abundance fluctuates seasonally, variation in abundance does not change substantially over the spring months (J. A. Gore and J. D. Austin, pers. obs.).
The results from this study indicate that reintroductions using captive-born animals can be a successful strategy for reestablishing extirpated populations of beach mice, assuming predator control is planned and implemented (Greene et al. 2016) . The reintroduced population grew over 5 years, reestablishing PKBM at GSP and reducing the species' vulnerability to extinction (Oli et al. 2001) . However, our results have also raised caution that the long-term viability of a reintroduced population may be lower than expected if it is based on captive-born mice with low genetic diversity. At GSP, unexpected admixture with individuals from a neighboring population greatly improved the genetic viability of the reintroduced population and may have enabled population growth. We recommend that future studies on reintroducing species include both genetic and demographic 
